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Svensk sammanfattning
Målen för denna avhandling var att (1) analysera möjligheterna att förutsäga
mångfalden bland växter och svampar i naturskogar, och (2) bedöma historik och
biologisk mångfald i nyckelbiotoper (NB) samt NB’s förmåga att bibehålla sin
artrikedom i det fragmenterade boreala skogslandskapet.
Artmångfaldens förutsägbarhet undersöktes i en myr‐skog mosaik
(Granlandet) där opåverkade och olikstora bestånd av gammal granskog omges
av myr. Bestånden är naturligt isolerade från varandra och antas spegla
naturskogstillstånd vid dynamisk jämvikt. Inventering av 46 bestånd (0.2‐12 ha)
visade att de flesta arterna var sällsynta. Trots detta så gick mångfalden av arter i
hög grad att förutsäga vilket stärker möjligheterna att använda indikatorer.
Beståndens area (storlek) var viktig. Artrikedomen ökade successivt med area.
Kanteffekter begränsade känsliga arters förekomst till opåverkade kärnområden i
bestånd > 2‐3 ha. Det fanns fler rödlistade arter i de inre och centrala delarna av
stora bestånd än vad som fanns i inre delar av små bestånd. Arean var även
relaterad till det hierarkiska förekomstmönster (”nestedness”) som växter och
svampar uppvisade. Även små habitat av hög kvalitet visades dock kunna
innehålla många sällsynta arter. Ettåriga vedsvampars förekomst var ofta
oförutsägbar och artsammansättning på enskilda lågor förändrades under 5‐10
år. Mest lämpade för övervakningsstudier är vedsvampar med beständiga
fruktkroppar, framförallt tickor. Dessa kan ge jämförbara data över tiden för
mångfalden av vedsvampar.
Bedömningar av NB’s biologiska mångfald gjordes i två områden med olika
skogsbrukshistoria; (i) södra boreala och (ii) norra boreal regionerna i Sverige. I
södra regionen har brandbekämpning, plockhuggning fram till mitten av 1900‐
talet och påföljande frånvaro av modernt skogsbruk förändrat NB’s skogliga
struktur. Dessa NB utgör inte opåverkade naturskogsrester och innehåller få
rödlistade arter. Trots detta är de viktiga då de utgör värdekärnor och
utgångspunkter för restaurering i ett kraftigt påverkat landskap. Restaurering
bör sträva mot att efterlikna naturliga processer och mönster för att öka NB’s
betydelse för hotade arter. Analys av artrikedomen i 32 NB i norra regionen, där
vissa blivit isolerade vid kalavverkningar under sent 1980‐tal, visade på ett
överskott av skorplavar, d.v.s. arter som löper risk att dö ut. Vedsvampar
uppvisade inget överskott av arter utan verkar ha anpassat sig till förändringar i
miljön. Skillnader i substrat dynamik mellan epifyter på levande träd och arter
som utnyttjar förmultnande lågor kan förklara dessa skillnader mellan
artgrupperna. Resultaten indikerade även att populationstätheten bland
rödlistade arter är låg vilket kan resultera i fortsatt minskning av artmångfalden.
Bevarandet av NB bör kombineras med andra åtgärder för att förhindra
minskande artrikedom och artutdöende i det brukade skogslandskapet. Både NB
och deras omgivning bör skötas för att bibehålla biologisk mångfald över tiden.
Ett framgångsrikt bevarande av den skogliga biologiska mångfalden förutsätter
övervakning av NB i kombination med övervakning i referensområden.
2

1. Biological conservation in fragmented habitats
The conservation of biodiversity has received a central role in environmental
policy. Sweden and the other 167 countries that have signed the Convention on
Biological Diversity (UNCED 1992) are committed to conserve biodiversity and
find sustainable ways to use it. The Swedish political aim is that “native species
should survive under natural conditions and in sustainable populations” (e.g.
government bill 2000/01: 130). In accordance to this, new concepts and, in many
cases, laws for managing natural resources have been developed. Programs for
balancing exploitations of natural resources and maintenance of biodiversity
have been initiated. Forest ecosystems represent important natural resources in
Sweden, but habitat destruction caused by forestry is a major reason for
depletion of forest biodiversity. In order to counteract negative effects of forestry,
environmental and economic considerations have received equal importance in
forest management as stated in the first paragraph of the Swedish Forestry Act
(1993: 553, Anon 1992). The environmental goals include identification and
conservation of existing forest biodiversity. This thesis addresses habitat
destruction and hypotheses underlying its predicted effects on biodiversity. It
specifically deals with two aspects of Swedish conservation programs: (i)
biodiversity assessments in boreal old‐growth forests and (ii) conservation of
woodland key habitats (WKHs), comprising vital components of remaining forest
biodiversity.

1.1 Habitat destruction
According to many conservation biologists, habitat destruction accompanying
human exploitation of natural resources is a major cause to the depletion of
biodiversity on earth (Barbault & Sastrapradja 1995, Vitousek et al. 1997). Habitat
destruction (sensu Hanski 1999) comprises three major components: loss of
habitat, increasing fragmentation of remaining habitat and the deterioration of
habitat quality. Habitat loss and fragmentation occur simultaneously, but
fragmentation is defined as the process when remaining habitat is located in
smaller and more isolated discrete patches (i.e. so called “fragments” or
“remnants”). The deterioration of habitat quality involves the degradation of
habitat quality within the remnant habitat patches as well as the degradation of
the habitat quality of the areas (matrix) between patches.
Habitat loss and fragmentation has several consequences (Saunders et al.
1991). For obvious reasons, the straightforward loss of habitat is negative for
those species that inhabit it. Rare species that occur in low frequencies in the
landscape or have specific habitat and resource requirements may be lost under

3

early stages of habitat destruction (Soulé & Simberloff 1986, Andrén 1997).
Statistical relationships between the area of land and the number of species
suggest that at least 30 % of all species will be lost when 90 % of their native
habitat is destroyed (see also Rosenzweig 1999). The deteriorated habitat (matrix)
between remaining habitat patches receives modified characteristics. It generally
turns into such low quality that it is not suitable for the native species that once
occurred in the original habitat (Bengtsson et al. 2003). Thus, the remnant habitat
patches become physically isolated from each other, although to a varying
degree. The capacity of species to colonize remnant habitat patches is related to
their dispersal ability. However, increased isolation impedes dispersal and
species that are lost from a remnant habitat patch might not succeed to re‐
colonize from other areas of suitable habitat.
During habitat loss and fragmentation, species population sizes are likely
to decrease at least in proportion to the decrease of remaining habitat (Andrén
1994, 1997). Small fragments will host small populations facing increased risk of
stochastic extinctions (Hanski 1999). Further, the relative amount of habitat edge
will increase when a continuous habitat is broken up into several fragments and
decreasing patch size is likely to result in increasing edge effects both due to
physical and biotic factors (e.g. Murcia 1995, Harrison & Bruna 1999). Such “edge
effects” may be detrimental and sensitive species may be increasingly restricted
to unaffected core areas of large habitats (Saunders et al. 1991).

1.2 Ecological themes
Patterns in species diversity have since long been a central issue of many
disputes in ecology. Species distributions in physically patchy environments (e.g.
island archipelagos) have received a special interest. The knowledge about
distribution patterns of species diversity in these systems has been important for
conservation biology in terms of understanding and mitigating the effects of
fragmentation. In particular, the importance of area and isolation has been
discussed, since these factors have been shown to interact with species extinction
and colonization rates (e.g. Rosenzweig 1995, Hanski 1999). In fact, the frequent
assumption that spatial configuration of the habitat is of general importance for
species persistence has been argued to constitute an “area‐and‐isolation
paradigm” in ecology (Hanski 1998).
Priorities in biological conservation generally concern how to optimize
preservation of biodiversity in remnant habitat patches. That is how to best
maintain maximum species diversity in a set of remnant habitat patches, e.g. the
selection and design of nature reserves. Central to this discussion has been the
species‐area relationship, coined as “Biodiversity’s Basic Law” (Rosenzweig
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1999), in which species richness increases with increasing sampling area.
MacArthur & Wilson (1967) showed that species‐area relationships could be
produced by area‐dependent extinction rates in their theory of island
biogeography. This theory predicted that extinction rates are a function of area,
i.e. habitat patch size and this was used to set recommendations for reserve
design to best capture maximum species diversity (e.g. Wilson & Willis 1975).
The main principle became the preservation of “single large” reserves over
“several small” ones with the same total area. However, this principle was
questioned in the so called “SLOSS controversy” and Connor & McCoy (1979)
showed that analyses of species‐area relationships could not separate the effects
of random sampling, colonization‐extinction equilibriums and habitat
complexity. Further, under certain assumptions the theory predicts that several
small reserves support more total species than a single large area. In addition,
empirical studies generally show that several small habitat patches have higher
cumulative species richness than single large ones (e.g. Quinn & Harrison 1988).
In time, the focus on SLOSS as a key issue was weakened. The importance of
other aspects, such as sizes and viability of endangered species populations, was
instead highlighted (Soulé & Simberloff 1986).
During recent years, focus has turned to patterns in species population
distributions and metapopulation theories. A metapopulation is defined as a
number of local populations distributed over a set of habitat patches. Similar to
the theory of island biogeography, metapopulation models assume that
colonization probability is negatively related to isolation and that extinction
probability is negatively related to patch size. In such systems, metapopulation
models emphasize the dispersal of individuals between patches, and that all local
populations stand the chance of going extinct (Levins 1969). Metapopulations
survive regionally in a stochastic balance between local exinctions and
recolonizations of empty habitat patches. Sufficient high colonization rate is thus
vital for metapopulation persistence. Asynchrony in the dynamics of local
populations is also important to enhance probability of recolonization following
extinction. Further, local populations with negative growth rates may survive if
immigration from other populations is sufficiently large (source‐sink dynamics;
Pulliam 1988). Finally, extinction risks may be reduced by dispersal from large
populations increasing the size of local populations (the rescue effect; e.g. Hanski
1999).
Metapopulation studies attempt to evaluate the conditions required to
ensure the survival of the whole metapopulation. Not only sizes of single patches
become important for species survival. Also isolation, habitat quality and spatial
configuration of patches, and total amount of suitable habitat in the model
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landscape are decisive (Fleishman et al. 2002). Models predict threshold
conditions for metapopulation persistence in terms of extinction and
colonization, which also can be interpreted in terms of landscape structure. In
landscapes subjected to habitat loss (decreasing patch density) and fragmentation
(decreasing average patch size), deterministic extinction is predicted to occur
before all suitable habitat has been lost (Andrén 1997, Hanski 1999).

1.3 Biodiversity conservation – a challenging endeavor
1.3.1 Ecological research and critical issues
There is no ultimate answer how to best maintain remaining biodiversity in
fragmented habitats. It very much depends on the ecosystem of concern. Basic
information on the ecology, systematics and distribution of native species is
important. Generally there is a need to identify what factors that relates to the
diversity of species and at which spatiotemporal scales (e.g. Kouki et al. 2001).
However, in many ecosystems we have limited knowledge of species
distributions over major environmental gradients such as area, isolation, habitat
complexity and degree of human impact. The Fennoscandian boreal forest
system is a good example. As for most ecosystems on earth, we are changing the
boreal forest system more rapidly than we understand (cf. Vitousek et al. 1997).
The vast majority of native habitats have been lost or severely changed through
large‐scale forest exploitations. Species diversity of less known organism groups
in the boreal forests was for long time unexplored and has not received a more
general scientific interest until recently. Conservation of existing biodiversity,
and restoration of what has been lost, is thus a most challenging endeavor.
We do not fully understand the ability of preserved areas to maintain their
species, but it is unlikely that preservation of a small fraction of the original
habitat areas alone will guarantee the continual maintenance of species (e.g.
Bengtsson et al. 2003). Ecological theories highlight the importance of dynamics
in structuring biodiversity. Here, dispersal plays a key role. By increasing patch
connectivity and quality of surrounding habitat matrix, one may increase the
probability of species dispersal between remnant patches of suitable habitat.
Thus, by mitigating dispersal possibilities species may re‐colonize remnant
habitat patches where they once went extinct. Increased probability of
colonization events may lower species extinction rates in fragmented landscapes
(Andrén 1997). Thus, in order to maintain diversity over time, it is evident that
whole landscapes (i.e. not single isolated remnant habitat patches) must be
managed and designed (Bengtsson et al. 2003).
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Species populations need a certain minimum area of suitable habitat to
persist in a landscape. If extinction probabilities depend on remnant habitat size,
then this will have great implications in fragmented landscapes. Ecological
models predict that once isolated during the process of fragmentation, the
remnant habitat patches are likely to have more species or larger populations
than they will be capable to maintain. As an effect of area reduction and isolation,
species numbers and populations sizes are predicted to decline toward a new
stochastic equilibrium (Rosenzweig 1995, Hanski 1999). Species will successively
be lost from remnant habitat patches. Such ecological relaxation has been
described for landbridge islands (Brown 1971, Diamond 1972). Further, modeling
suggests that the loss may take long time, and even currently dominant species
may experience time‐delayed extinction when habitats are fragmented. Thus, a
substantial future cost of species extinctions, or an “extinction debt” (sensu
Tilman et al. 1994), is likely to exist in fragmented landscapes. Such extinctions
debts and the time lag for such processes to occur still remains an open question.
Although shown in models (Hanski 2000), empirical studies of this phenomenon
in fragmented landscapes are generally lacking (Hanski 1999).
1.3.2 Biodiversity indicators and nested subsets
Since time and resources for conservation are often limited, one needs to make
prioritizations that optimize efforts for maintaining biodiversity. In fragmented
landscapes conservation generally depends on the identification and preservation
of the remaining biodiversity. Conservation values of various habitat patches
must be quantified and described. Such assessments are usually dependent on
knowledge about the diversity of species or even more by the occurrence of
threatened species. In practical situations, however, complete inventories of
species among many organism groups are generally unfeasible (e.g. Martikainen
& Kouki 2003). Thus, scientific reliable biodiversity indicator systems usable in
practical situations have to be developed (Jonsson & Jonsell 1999).
Species diversity patterns can be quantified and analyzed in different
ways. One common method has been to explore relationships between species
diversity indices (e.g. species richness or species abundance) and descriptive
environmental variables. Species diversity is related to a multitude of
environmental factors, such as habitat size, isolation, productivity, climate, and
habitat complexity (e.g. Rosenzweig 1995). Correlations, regressions and
ordinations have usually been used to identify the most important relationships
between species diversity and various descriptive variables (Honney et al. 1999a,
Humphrey et al. 1999). Such analyses may reveal various factors strongly
correlated with biodiversity and thus identify variables that can function as
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indicators for assessing status and values of species diversity (e.g. Jonsson &
Jonsell 1999, Dumortier et al. 2002).
Identifying species and recording their occurrence among a set of sites is a
basic ecological observation. It can be summarized by a presence/absence (i.e.
species‐by‐site incidence) matrix, which indicates which sites are occupied and
by which species (cf. Figure 1). Community‐level analyses of species distributions
handle this kind of information. A group of species at a given site is then usually
defined as a “community”. The structure of a set of communities at different sites
is referred to as “community structure” (hereafter both definitions are used in
this thesis). Several patterns of and factors regulating community structure has
been discussed in the ecological literature (e.g. Clements 1916, Gleason 1926,
Diamond 1975, Leibold & Mikkelson 2002).
A specific type of analysis of species assemblages at a collection of sites
addresses a non‐random distribution pattern and is called nested subset pattern.
Nestedness occurs when species assemblages at species‐poor sites constitute a
subset of richer sites (Patterson & Atmar 1986). Under perfect nestedness, each
site contains a proper subset of species assemblages found in richer sites (Atmar
& Patterson 1993; cf. Figure 1A). Although species‐by‐site distributions are
generally not perfectly nested most insular biota exhibit a high degree of
nestedness (Wright et al. 1998; cf. Figure 1B).
Hypotheses about the ecological processes underlying nestedness relate to
the theory of island biogeography (e.g. MacArthur & Wilson 1967). The observed
nested structure has been proposed to be a result of mainly patch‐area‐dependent
selective extinction (Patterson & Atmar 1986, Patterson 1987, Cutler 1991),
differential colonization (Patterson & Atmar 1986, Kadmon 1995, Lomolino 1996),
or both. Hence, extinction probabilities depending on area, and colonization
probabilities depending on isolation are assumed to differ between species. Some
species are presumed to be more extinction prone than others. Likewise some
species may have higher colonization abilities than others. However, nestedness
has also been proposed to depend upon species having different habitat
requirements. Habitat‐rich sites will host most species, including specialist
species, while habitat‐poor sites will only host generalist species (Simberloff &
Martin 1991, Cook & Quinn 1995, Honney et al. 1999b). In addition, other
environmental factors that are important for habitat quality such as productivity
and resource supply may affect species nestedness. Only high‐quality habitats
will host most species, including those species that need particular resources
and/or conditions for their survival (e.g. Hylander et al. in prep.).
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Figure 1. Species‐by‐site incidence matrices indicating which sites are occupied by which
species. (A) Hypothetical perfect nested species distribution. (B) Nested mammal species
distribution on mountain ranges in southwestern USA (data from Patterson & Atmar
1986). (C) Matrix A reordered as a “value pyramid”.

Nestedness analyses have several implications for conservation biology
(Patterson 1987, Worthen 1996, Andrén 1997). In many patchily distributed
habitats a majority of the species are rare (e.g. Hanski 1982, Hanski 1999).
Nestedness implies that rare species are statistically over‐represented in species‐
rich sites. In this respect, nestedness relates to the SLOSS debate on fragmented
habitats (see above). If nestedness occurs over a range of sites of varying size, it
suggests that small patches only contain a subset of the species assemblages in
large patches. In such cases, rare species will be confined mainly to large, species‐
rich patches. Furthermore, the hierarchical structure of nested subsets gives the
opportunity to assess potentials to develop biodiversity indicator species systems
in an objective way (cf. Figure 1). Nestedness implies that certain rare species
might be good indicators for total species diversity since they typically occur only
in the most species‐rich communities (Honney et al. 1999b, Fleishman et al. 2000).
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2. Boreal forests in focus
Boreal forests form the largest terrestrial biome of the Earth and occur in a broad
band across the northern hemisphere. In Fennoscandia, boreal forests are
typically dominated by two coniferous tree species, Pinus sylvestris L. and Picea
abies (L.) Karst. Disturbances, mainly recurring forest fires, create shifting
landscape mosaics of stands in different stages of succession and with various
tree species compositions (Engelmark & Hytteborn 1999, Ryan 2002). Pinus
generally prevail in areas with dry soil conditions and high fire frequency, while
Picea prevail on mesic‐moist soils and in areas with low fire frequency, especially
in wet fire refugia (Gromtsev 2002).
Fennoscandian boreal forests exhibit a long history of human utilization.
The human influence started early in history through low‐intensity agriculture
and native people’s utilization of forests (Ericsson et al. 1997, Östlund et al. 2003).
These activities have occurred over extensive areas of the boreal region.
However, the intensity and extent of pre‐industrial human forest‐use varies
considerably between different areas. For example, forest resources have been
heavily exploited in south boreal Sweden for a long time (i.e. since the 17th
century), especially for charcoal production for mining and melting (e.g. Linder
& Östlund 1992). By contrast, boreal forests in western (i.e. close to the mountain
range) and northern parts were at first only modestly affected by man and many
of the most remote areas were until the 20th century only used for low‐intensity
agricultural purposes (Östlund 1993).
The most intense exploitations have occurred during the last two centuries
when the forest industry developed. Commercial logging became important
during the 19th century. A “timber frontier” advanced successively from south to
north throughout the boreal region. The expanding frontier reached south boreal
Sweden in early 19th century and northern areas later; some areas not until the
early 20th century (Linder & Östlund 1992, Östlund 1993). Hence, logging created
geographical gradients in forest‐use in the boreal region. The expansion of the
timber frontier varied within particular regions as well. For example, the distance
to river‐valleys and water‐courses played a great role further inland since logs
were floated downed to the coast (Östlund 1993, Esseen et al. 1997). Modern
silvicultural management, including clear‐cutting, scarification and planting of
conifers, was introduced at large‐scale in the mid‐20th century. Consequently,
forest tracts have been increasingly fragmented with extensive clear‐cuts and
networks of ditches and roads (Esseen et al. 1997, Kouki et al. 2001). The
Fennoscandian boreal landscapes have thus been fundamentally transformed
and forest structure has been altered (Östlund et al. 1997, Kouki et al. 2001).
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Currently, roughly 95 % of the productive forest land is used by modern forestry
in Sweden (e.g. Bernes 1994). The managed forests are characterized by even‐
aged monocultures of conifers, low amounts of dead wood, few old trees and few
deciduous trees (Linder & Östlund 1992, Kruys et al. 1999). However, likewise to
previous forest‐use, modern forestry has reinforced historical gradients in
exploitation intensity. For example, the proportion of old‐growth forests (> 140
years) is currently particularly low in the south and in coastal‐near areas in the
north. Old‐growth areas are mainly found in the northern boreal areas close to
the mountain range (Bernes 1994). These areas also hold the largest forest
reserves and the highest proportion of protected forest area (Bernes 1994, Anon.
2002). Overall, habitat quality of boreal forests also exhibits geographical
gradients. For example, the volume of downed logs and snags is low in the south
and increases to the north, and it also increases from east to west (Fridman &
Walheim 2000).
Accordingly, most forests with old‐growth characteristics have been lost or
have become severely fragmented (Bernes 1994, Esseen et al. 1997). Remaining
old‐growth forests are generally small (a few ha; Anon. 1999) and occur isolated
in the managed forest landscape. Many of the remnant old‐growth forests are
temporary surrounded by clear‐cuts and young plantations and thus affected by
edge effects (e.g. Snäll & Jonsson 2001). In addition, besides fragmentation, many
old‐growth forests have earlier been subjected to selective logging in the 19th
century and removal of dead trees in the 20th century, which in turn may
deteriorate habitat quality (Sippola et al. 2001, Svedrup‐Thygeson &
Lindenmayer 2003).
Habitat destruction in the forest landscape also affects the long‐term
survival of many forest‐dwelling species (Berg et al. 1994, Rydin et al. 1997).
Taking all taxa on the Swedish Red‐list into account, some 115 forest‐inhabiting
species have gone extinct and 1986 forest‐living species are currently classified as
Red‐list species (Gärdenfors 2000). Different measures have been taken to
maintain biodiversity. Silvicultural methods that mimic natural processes (e.g.
forest fire) have been introduced (Angelstam 1998). Current management strives
to restore and/or retain old‐growth characteristics, such as old trees and dead
wood (Fries et al. 1997, Raivio et al. 2001). Furthermore, forest biodiversity is
surveyed. Forest areas that exhibit old‐growth characteristics and that host
threatened and Red‐list species have been identified in large‐scale forest surveys
(e.g. Anon. 1999). Indicator systems for assessing forest conservation values are
central to this work (Karström 1992, Nitare & Norén 1992, Karström 1993).

11

2.1 Woodland key habitats
Since 1993, productive forest land (i.e. land with an annual increase in the
standing tree volume > 1 m3ha‐1) in Sweden has been subjected to large‐scale
inventories aiming at identifying forest areas valuable for the existing forest
biodiversity. These areas are named “woodland key habitats” (WKHs) and have
been defined as “forest sites where Red‐list species are likely to occur” (Nitare &
Norén 1992). The National Board of Forestry has conducted an inventory,
completed in 1998, of WKHs occurring on land own by small landowners,
amounting to half of the productive Swedish forest land. About 40 000 WKHs
were identified during this inventory. These WKHs constitute ca. 1 % of the
productive forest land and have a median size of 1.4 ha (Anon. 1999). The other
half of the productive forest land is owned by large land owners, mainly forestry
companies, which have the responsibility to conduct their own inventories.
Many WKHs in the boreal forest landscape exhibit old‐growth
characteristics. It is likely that some WKHs represent remnant near‐natural
forests from before the phase of industrial forest exploitation (Nitare 2000). Thus,
they may host a variety of species, especially threatened and Red‐list species,
dependent on the environmental and historical conditions that these forests
provide (Nitare 2000). WKHs are assumed to host viable populations of these
species and to serve as dispersal sources to other forests (Nitare & Norén 1992,
SUS 2001). In other words, it is presumed that a network of WKHs will play a
vital role for maintaining viable populations of many forest species.
Yet, many of these assumptions are untested. It is therefore important to
explore to what degree the WKHs exhibit pristine forest characteristics and to
what extent their structural components are suitable for forest‐dwelling species.
Such studies could help improving principles for assessing forest conservation
values when selecting and managing WKHs. Knowledge of WKHs’ forest history
could also guide predictions on the likely future stand development.
Furthermore, only a few studies have systematically explored occurrences of
species, especially threatened and Red‐list species, in WKHs (e.g. Gustafsson et
al. 1999, Johansson & Gustafsson 2001, Gustafsson 2002). Insignificant differences
have been found when comparing vascular plant species composition of WKHs
with that of surrounding managed (matrix) forests (Gustafsson 2000). By
contrast, WKHs have been shown to host more Red‐list bryophytes and lichens
than managed forests, but managed mature forests may still have many
occurrences of such species (Gustafsson 2002). The importance of WKHs and
other categories of preserved forest areas for the conservation of the forest
biodiversity in Fennoscandia is currently a matter of discussion (e.g. Hanski 2000,
Hansson 2001, Sverdrup‐Thygeson 2002). As WKHs generally are small (a few
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ha) and isolated, it is unclear to what extent species may be able to survive and
reproduce. Their potential to sustain species populations and to serve as sources
for species dispersal thus needs to be investigated (Hansson 2001).

2.2 Forest biodiversity indicators
Methods for identifying WKHs include evaluation of important structural
elements, such as old large trees, multi‐layered tree canopies, uneven tree ages
and dead wood of different decay stages and types (i.e. stumps, snags and
downed logs). These stand factors are assessed because they are important for the
species diversity (Anon. 1999, Esseen et al. 1997, Norén et al. 2002). Thus, habitat
and substrate variables serve as indicators for species diversity and the
conservation values (Jonsson & Jonsell 1999). Another method for selecting
WKHs is the use of biodiversity indicator species. Specialists have compiled a list
of about 350 biodiversity indicator species, comprising vascular plants,
bryophytes, lichens and fungi (Norén et al. 2002). Indicator species are assumed
to aid assessing whether forest sites can be classified as near‐natural and to what
degree forests have been exploited by forestry (Nitare 2000, Norén et al. 2002).
However, the main purpose of using indicator species is to predict species
diversity and the presences of rare species, such as threatened and Red‐list
species (Anon. 1999, Nitare 2000).
Indicator species have been ranked in so called “value pyramids”
(Karström 1992, 1993). Top species are assumed to primarily occur in forest sites
with high species richness and linked to long stand continuity in areas
marginally affected by man. Species at lower levels are supposed to co‐occur with
the top species in the most valuable sites, but they may also occur in sites with
shorter continuity, and more affected by man. However, they all have in common
that they are negatively affected by e.g. modern silviculture. Thus, such value
pyramids are hierarchical and should exhibit nestedness (for definition see
above), with rare species confined to the most species‐rich sites. A nested species
composition structure can graphically be represented as a pyramid, with the rare
species in the top of the pyramids (cf. Figure 1C). Exploration of nestedness has
been proposed as a method for an objective development of indicator species
systems (Gustafsson 1999, Sjögren‐Gulve 1999, Fleishman et al. 2000). Identified
in this way, indicator species would reflect: (i) species diversity of whole
communities and (ii) the presence of other rare species (e.g. threatened and Red‐
list species).
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2.3 References for conservation
It is important to have a “frame of references” when establishing conservation
strategies for maintaining biodiversity. The concept of forest biodiversity in
“pristine” forests, or under “natural conditions”, i.e. unaffected by large‐scale
forest exploitation and modern forest management, has greatly affected
conservation considerations in Fennoscandia (Angelstam 1998, Kuuluvainen
2002, Kuuluvainen et al. 2002). Information on biodiversity and ecology of
pristine forests has mainly been extracted from two sources: (i) reconstructions of
previous forest structure derived from biological archives and historical
documents and (ii) remaining pristine forest areas.
Historical methods such as dendrochronology and analyses of historical
records (e.g. maps and forest inventories) can provide valuable information
about patterns and processes of boreal forests in the past. For example,
dendrochronological studies have shown that recurring disturbances such as
forest fires constituted essential characteristics of the past (Zackrisson 1977,
Niklasson & Granström 2000). Historical records have shown the significance of
key elements such as large old trees and coarse woody debris for forest structure
in the past (Linder & Östlund 1998, Östlund et al. 1997). Pre‐industrial boreal
forest landscapes were characterized by multi‐aged stands and a matrix of
multistoried forests older than 100 years (Östlund et al. 1997, Axelsson & Östlund
2001).
Historical records generally contain no information on species among less
known organism groups. Consequently, for studying processes and patterns of
forest‐dwelling species, unexploited forest landscapes serve as the most valuable
sources of information. Data on the diversity of species in pristine boreal forests
have been compiled mainly during the last decades. Special emphasis has been
given to the biodiversity of invertebrates, bryophytes, lichens and fungi, which
generally constitute an important component of boreal forest’s species diversity
(Esseen et al. 1997). Many forest‐dwelling species have been shown to prefer
specific habitats and/or substrates (e.g. Siitonen & Martikainen 1994, Renvall
1995, Kruys et al. 1999). Species diversity has also been shown to be related to the
amount and quality of key element such as trees and dead wood (Kruys &
Jonsson 1997, Lindgren 2001, Similä et al. 2003). Different processes, such as tree
fall, wood decay and edge effects have been shown to affect the occurrence of
forest‐inhabiting species in pristine boreal forests (Jonsson & Esseen 1990,
Renvall 1995, Eriksson 1999).
Accordingly, historical analyses answer other questions than do analyses
of remaining old‐growth forests. Analyses of forest history can reveal past forest
structure and processes, mainly at larger spatial scales. Analyses of remaining
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old‐growth forests can give answers about species distributions, including small‐
scale patterns and processes. Both analyses of history and remaining old‐growth
areas have increased our understanding about potential effects of forestry on
biodiversity. For example, historical records have revealed that human activities
have altered disturbance regimes (e.g. Niklasson & Granström 2000) and reduced
forest structure complexity at all spatial levels (Axelsson 2001). Habitats have
been simplified and the amount of ecologically important habitat elements (i.e.
old large trees and dead wood) has decreased severely (Linder & Östlund 1992,
Östlund 1993). By using unexploited forests as a reference frame for species
diversity, logging has been shown to degrade habitat quality of the forest stands
(Siitonen et al. 2000, Rouvinen et al. 2002). In addition, logging also decreases
numbers and frequencies of species with specific habitat requirements
(Martikainen et al. 2000, Sippola et al. 2001). At larger spatial scales, the effects of
habitat destruction (fragmentation) caused by forestry have been studied by
comparing species diversity patterns in managed (fragmented) landscapes with
those found in unexploited forest landscapes. Lower species richness and lower
abundances of Red‐list species have been found in fragmented old‐growth forests
in Finland than in large intact forests in Russia (Siitonen & Martikainen 1994,
Martikainen 2000, Lindgren 2001, Siitonen et al. 2001).

Lycksele,
Västerbotten
th
County, 8 of July 1911.
Old‐growth
Picea
abies
forest. The large dead trees
are ca. 50 cm in diameter at
breast height. Dominating
trees are about 250 years.
Photo by Henrik
Hesselman.
From the photo archive at
Skogsbiblioteket, SLU.

15

3. Objectives of this thesis
The aims of this thesis are to analyze (i) predictability (indicators) of existing
plant and fungal species diversity in an unexploited (near‐natural) boreal old‐
growth forest landscape, and (ii) the history of WKHs, their remaining
biodiversity and their potential to maintain species diversity in managed and
fragmented boreal forest landscapes.
The specific questions addressed are:
1. How does species diversity vary between boreal old‐growth forest stands
of varying size, and to what degree can species diversity be predicted
based on stand characteristics (paper I, II)?
2. Does species richness of individual species groups correlate or do different
groups show individual responses to stand variables (paper I, II)?
3. What characterize the dynamics and longevity of wood‐fungi on downed
logs, and how does species diversity vary over time at different spatial
scales (paper III)?
4. Do old‐growth forest plant and fungal species communities form nested
subsets, and what is the importance of area and habitat quality in
maximizing species capture (paper II)?
5. To what extent have past forest exploitations affected stand structural
development and current biodiversity of WKHs in south boreal Sweden
(paper IV)?
6. Does species diversity of recently isolated WKHs in north boreal Sweden
differ from expected reference levels predicted for naturally isolated old‐
growth forest stands, i.e. is it likely that an extinction debt exists (paper
V)?

4. Studied forest systems
This thesis gives special emphasis on old‐growth Picea forests in north boreal
Sweden, and the occurrences of species among less known forest‐dwelling
organism groups such as bryophytes, lichens and fungi (cryptogams). Analysis of
species occurrences in Granlandet nature reserve, Norrbotten County, is a central
theme (cf. Table 1, Figure 2). Granlandet is also used as a reference landscape for
analyzing conservation values of old‐growth Picea dominated WKHs in north
boreal Sweden. In addition, this thesis includes a separate analysis of history and
forest biodiversity of WKHs in south boreal Sweden. These WKHs represent
various forest habitats, but are mainly dominated by conifers (cf. Table 1).
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Table 1. Boreal forest areas and species groups (including Red‐list speciesa as subgroup)
studied in papers (I‐V) in this thesis. Studies were mainly performed in the Norrbotten (BD)
County, but forests in the Västerbotten (AC) and the Gävleborg (X) Counties were also
examined. Granlandet (GL; at 66°35ʹN;21°38ʹE) as well as Gardfjället (GF; at 65°25ʹN;16°06ʹE)
represents unexploited (near‐natural) Picea old‐growth forest areas. Studied woodland key
habitats (WKHs) occurred in managed forest landscapes in BD and X.

Study area
County

GL
BD

Landscape (reserve) size (ha)
Total sampled area (ha)
Plants

Fungi

Red‐list speciesa

Stands
Plotsb

25660
100
4.6

GF
AC

WKHs
X
BD

800 4300 ca 106
7.5
37
55
‐
2.5
3.2

Vascular plants
I, II
Mosses
I, II
Liverworts
I, II
Epiphytic lichens Crustose
I, II, V
Fruticose, foliose
Wood‐fungi
Corticoids
I‐III
IIId
Polypores
I‐III, V IIId
I, II, V

IVc
IVc
V
IV
IV
IV

V
V

according to Gärdenfors (2000)
sample plot size: 0.1 ha.
conly species growing on downed logs included.
ddata on wood‐fungi species occurrences from Edman & Jonsson (2001).
a

b

Old‐growth Picea old‐growth forests exhibit a variable age distribution and
multiple canopy layers (Wallenius 2002). They represent forests in late
successional stages that have large quantities of old and dead trees (Siitonen
2001). Deaths of trees and decay of wood are important processes influencing
forest structure. Tree fall dynamics create canopy gaps where trees regenerate,
forming mosaics of patches in different stages of recovery (Kuuluvainen et al.
1998). On wet and nutrient rich soils they host a diverse flora of plants and fungi
(Ohlson et al. 1997), while vascular plant diversity in less wet and nutrient poor
sites is generally poor. However, the flora of cryptogams dwelling on old and
dead trees is often diverse with a large number of rare species (Renvall 1995,
Kruys & Jonsson 1997).
Boreal forest landscapes are often mosaics of forested land, and different
kinds of wetlands (Sjöberg & Ericson 1997; cf. Figure 2). Forest‐wetland mosaics
constitute patches of different forest habitats and exhibit varying spatial
configurations. Unexploited forest‐wetland mosaics may serve as reference
landscapes for various purposes, e.g. analyses of fragmentation effects. In fact,
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patchy environments – e.g. island archipelagos – have since long served as a
source of ecological hypotheses about likely effects of fragmentation on
landscape’s biodiversity, boreal landscapes included (Ås et al. 1997). Information
about pristine forest‐wetland mosaics may be used to construct theoretical
models on species diversity. By using these models, the likely consequences of
different forest management methods or degrees of fragmentation may be
analyzed. In papers I‐III and V I have analyzed plant and fungal species
occurrences in Granlandet nature reserve. It comprises 25600 ha and is one of the
largest protected natural forest areas in Sweden (Table 1). Granlandet is a forest‐
wetland mosaic of forested moraine hills (200 m2 to > 20 ha) surrounded by a
wetland matrix (Figure 2).
The matrix includes different wetland habitats that exhibit varying degrees
of tree cover (e.g. swamp forests, alluvial forests and more sparsely tree covered
mires). However, large open mires dominate and the forested moraine hills
studied in this thesis are discrete isolated forest patches (cf. Figure 2). The
moraine hills are covered with Picea abies spp. obovata (Ledek.) Hultén dominated
forests, mainly the Vaccinium myrtillus‐type (sensu Ebeling 1978). The basal area
ranges from 7 to 26 m2×ha‐1 and is composed of 81 % Picea abies and 18 %
deciduous trees (mainly Betula spp.). Scattered Pinus also occurs.
No systematic investigation has been made of the forest history in
Granlandet. However, the forests in the studied patches represent late
successional stages with internal gap phase dynamics. Dead Picea trees in
different stages of decay occur abundantly (Jonsson 2000). The multi‐layered tree
canopy is dominated by about 150‐200 years old Picea with some trees attaining
an age of 300 years (Lövgren 1986). The studied forest patches show no signs of
forestry or recent forest fires. Hence, the studied area is considered to have been
in a natural old‐growth state for a long period of time. Picea probably colonized
the area approximately 3000 years ago (cf. Tallantire 1972). Small scale dynamics
(i.e. tree fall and wood decay) may potentially affect local forest characteristics,
but old‐growth Picea forests generally have relatively constant structural features
at larger spatial scales (Kuuluvainen et al. 1998). Thus, despite that small scale
disturbances may affect species occurrences locally, major changes in species
distributions (i.e. transient dynamic phases) are unlikely. Therefore the studied
patches are assumed to have reached a ”stochastic‐equilibrium” with respect to
their surroundings. Hence, potential long‐term effects of stand size and forest
structure should be detectable in the species distributions.
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Figure 2. Picea abies old‐growth forest patch no. 291 (0.48 ha, 370 m a.s.l., basal area 13
m2ha‐1, downed log volume 24 m3ha‐1, 80 recorded plant and fungal species among which
4 are Red‐list species) in Granlandet (photo by Håkan Berglund 1997‐10‐01).

In paper V Granlandet is used as a reference landscape for analyzing
conservation values of old‐growth Picea dominated WKHs in north boreal
Sweden. A separate analysis of history and forest biodiversity of WKHs in south
boreal Sweden is presented in paper IV. These two main study areas have
contrasting histories of forest exploitation. The southern area was reached by the
timber frontier in 1870s, involving high grading (or selective) logging of large
Pinus, and burning logging slash, snags and windfalls for charcoal. Before this
time, the area had been virtually unaffected by logging, due to its remote location
and difficult terrain for transportation (Ericsson 2001). The timber frontier
reached many parts of the northern area in late 19th century, but large tracts were
still fairly unaffected by logging until later, i.e. in early 20th century (Linder &
Östlund 1992). In both areas modern forestry were introduced from about 1950s.
However, large scale clear‐cutting by modern forestry became practiced in
remote inland forests in the northern area as late as in the 1980’s. This means that
WKHs in paper IV represent forests in an area that has been intensively affected
by forestry during a longer time, while many WKHs in paper V are patches
isolated by modern forestry fairly recently.
In this thesis, species occurrence and diversity (e.g. species richness or
species abundance) at different spatial scales represent key “response variables”.
Data on species richness of vascular plants, mosses and liverworts are given in
paper I and II (i.e. all plant species were surveyed), and data on bryophytes
growing on downed logs are given in paper IV (Table 1). Data on epiphytic
lichens are given in papers I, II, IV and V. Data on wood‐fungi are given in all
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papers. Two groups among the basidiomycetes (Aphyllophorales) have been
investigated, namely corticoids (Corticiaceae s.l.) and polypores (Polyporaceae s.l.)
(Table 1). Both groups are taxonomically polyphyletic and their delimitations are
based on life form characteristics (Ryvarden & Gilbertson 1993, Hjortstam et al.
1987). Polypores are characterized by their tubular hymenophore while the
corticioids mainly have an even, meruloid, or warted to denticulated
hymenophore
Cryptogams constitute vital components of boreal forests. For example,
wood‐fungi represent a primary functional group as they are the main
decomposers of wood. Cryptogams also represent essential elements of boreal
forest species diversity (Esseen et al. 1997). As many cryptogams have been
severely affected by forestry (e.g. Berg et al. 1995) and as they represent key
ecological components sensitive to forest exploitation, they have become
important indicators for assessing biodiversity in boreal forests (Karström 1992,
1993, Nitare 2000).

5. Results and discussion
5.1 Species diversity and its assessment in boreal old-growth forests
To avoid transient dynamics due to recent history of fragmentation and habitat
change, potential methods of assessing species diversity in boreal old‐growth
forests were explored by analyzing plant and fungal species distributions in
Granlandet. Separate analyses were done for species distributions (1) among
patches (stand level), (2) in 0.1 ha sample plots laid out in the centre of each patch
(plot level), and (3) on individual substrates (i.e. downed logs; substrate level).
Conservation of boreal forest biodiversity must include management
considerations for protection of rare species as these species are likely to be most
vulnerable to extinction (Hansson & Larsson 1997, Andrén 1997, Larsson &
Danell 2001). The results show that a basic condition in boreal old‐growth Picea
forests is that many species are rare (I, II, III). In Granlandet, 123 species (35 % of
all species recorded) were found in ≤ 4 patches. Besides being rare at stand level,
many species also occurred infrequently at lower spatial levels (e.g. in plots or on
downed logs; I, III). Most wood‐fungi species (data on fruit bodies) also occurred
infrequently in time (III). Similar species frequency distribution patterns have
previously been described for fungal communities in intact and unexploited
boreal old‐growth forest landscapes (Renvall 1995, Lindblad 1998). Plant and
fungi species recorded in remnant boreal old‐growth swamp forests also show a
dominance of rare species (Ohlson et al. 1997). One potential explanation for this
pattern could be that many forest‐dwelling plants and fungi are highly
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specialized. For example, many wood‐fungi tend to have narrow microclimate
optima and require specific dead wood substrates (Rayner & Boddy 1988, Renvall
1995, Niemelä et al. 1995). However, the dominance of mostly rare species is not
unique for species inhabiting boreal forests (cf. Hanski 1999).
The dominance of rare species is a challenge for inventories. It is likely that
species‐specific studies are unrealistic in most practical situations where the aim
is to assess total forest biodiversity. It has thus been argued that systems of
indicators (including e.g. processes, structures and species) must be used as
surrogates during biodiversity assessments (Nilsson et al. 2001, Nilsson &
Ericson 1997). In this thesis, the use of indicators has been tested as follows: 1.
Exploring predictability of species richness through regression and correlation
analyses (I, V), 2. Examining species community structure through nestedness
analyses (II), and 3. Investigating spatio‐temporal changes of wood‐fungi
occurrence (III).
5.1.1 Predicting species richness
The occurrence of rare species largely influenced variability of species richness
between studied forest sites (e.g. II). The results indicate that predictability of
species richness based on stand variables, such as patch area and structural
characteristics (e.g. basal area, density of downed logs) was fairly high, especially
for substrate‐specific fungal groups and Red‐list species (I, V). Thus, various
stand variables have the potential to serve as indicators in boreal old‐growth
forests. The use of such indicators will increase the probability making valid
predictions about species richness and thus the chance finding valuable sites. A
strength of the models presented (cf. I, V) is that they reflect old‐growth stands at
a stochastic equilibrium. This is in contrast to models from managed forest
landscapes that are likely to be biased due to transient dynamics.
Area was a key factor related to species diversity among studied groups (I,
II, V). Area significantly (p < 0.001 in all cases) explained 48‐70 % of the variation
in total species richness in studied patches (I; cf. Figure 3). The slope parameter z
of the log10‐log10 species‐area relationship is commonly used in conservation
biology to assess long‐term effects of habitat loss (e.g. Rosenzweig 1995, Andrén
1997). The highest z values (z = 0.3‐0.4) were found for wood‐fungi and Red‐list
species (I). Thus, compared to the other groups, wood‐fungi and
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Red‐list species are likely to experience higher extinction rates during the loss of
old‐growth habitat.
Most other forest stand variables were not correlated with area (I). This
result indicates no clear relationship between habitat complexity and stand size
in old‐growth forests. Hence, the lack of correlation between area and other stand
variables indicates that area per se affects the observed species‐area relationship.
For example, large patches may host larger populations thus lowering probability
of local extinction (e.g. Ås et al. 1997).
Further, it should be noted that the importance of area per se was also
revealed when analyzing the variation in species richness within 0.1 ha sample
plots located in the centre of forest patches. Species numbers in the sampled plots
represented the density of species within patch interior. The density of crustose
lichens and Red‐list species was positively related to area (I). Hence, this result
implies that area affects the quality of the interior old‐growth forest habitat. The
nature of this effect is unclear, but results of previous studies in Granlandet
indicate that edge effects affect species distributions (Kruys & Jonsson 1997,
Dettki et al. 1998, Eriksson 1999). If edge effects influence interior parts of small
patches, sensitive species may be restricted to unaffected core areas of larger
patches (Moen & Jonsson 2003).
Area, or habitat patch size, constitutes a continuous variable. A summery
statistics such as species‐area relationships is likely to encompass many processes
affecting species diversity (cf. Rosenzweig 1995). In the studied system (cf. Figure
3), the species richness of the smallest patches tends to vary to some extent. When
patches get successively larger, and the area gradient is extended, the relation
between species richness and area becomes evident. The increment of species
number tends to level out when patch size exceeds 2 ha (Figure 3).
Thus, a threshold for increase in species richness seems to exist around a
patch size of ca. 2‐3 ha (Figure 3). This agrees with the spatial scale at which
crucial processes have been shown to affect species diversity in boreal old‐
growth Picea forests. Due to edge effects, small patches (i.e. less than 1‐2 ha) in
Granlandet seem to lack “forest‐interior conditions”. This translates into fewer
occurrences of many species (e.g. Kruys & Jonsson 1997, Moen & Jonsson 2003).
Further, small‐scale dynamics creates canopy gaps and/or aggregations of
downed logs at the scale of a few metres up to ca. 40‐50 m in boreal old‐growth
Picea forests (Kuuluvainen et al. 1998, Edman & Jonsson 2001). Thus, all forest
structural components are unlikely to be continuously present both in space and
time in small patches, potentially affecting the maintenance of species diversity.
Such processes may alter conditions so that crucial resources for particular
species will disappear completely from small patches, although temporarily,
23

whereas in large patches suitable conditions are more likely to remain. As
proposed by Hanski (1999), such a scenario could imply that extinction risks are
reduced in large patches as an effect of reduced impact of environmental
stochasticity.
In addition to area, isolation generally constitutes a key variable in
biogeography and metapopulation theory (e.g. Brown & Lomolino 1998, Hanski
1999). To explore its importance in Granlandet, the degree of isolation of each
studied old‐growth forest patch was calculated as a geographical index (i.e. as the
fraction of the surrounding matrix that was wetland). However, isolation was not
related to species richness in any case (I). The distance between old‐growth forest
patches in Granlandet are at the most a few hundred metres. Such distances lie
within efficient dispersal range for many of the studied plant and fungi species
(e.g. Nordén & Appelqvist 2001, Edman et al. 2003). In addition, the local
production of propagules (e.g. spores) is likely to be large in Granlandet.
Landscapes, such as Granlandet, with high proportions of old‐growth forest have
a dense ”spore rain”, which is likely to largely enhance probability of species
colonization (Edman et al. 2003).
Besides area, other stand variables explained additional fractions of
variation in species richness at stand level for some species groups. No or low
proportions of additional variation were explained among the three studied plant
groups. By contrast, various tree and downed log variables explained significant
proportion of remaining variation in species richness at stand level among fungal
groups and Red‐list species (I, V). In these cases, up to 85 % of the variation in
total species richness at stand level could be explained when both area and other
stand variables were included in regression models (I, V).
Stand structural variables were included in regression models predicting
species numbers at plot level, i.e. the density of species in stand interiors. Again
the plant species groups showed weak correlations to stand variables. Models for
predicting the density of species among fungal species groups as well as the
subgroup of Red‐list species remained strong. About 60‐70 % of variation in
species number among fungal species groups was explained (I, V). Notably, log10
area was an important variable for crustose lichens as well as the Red‐list species
at the plot level. The difference in predictability between plant and fungal groups
may partly correspond to the fact that all plant species were studied, while only
substrate‐specific fungi (epiphytes and epixylics). The measured stand variables
are thus likely to be more relevant to the habitat‐restricted fungi than to the plant
species that represent different types of specialization.
Clearly, there is causal relationship between dead wood and the many
species that utilize this it. Thus, studies have showed strong correlations between
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amount of dead wood and richness of wood‐inhabiting invertebrates and fungi
(e.g. Ohlson et al. 1997, Jonsson & Jonsell 1999, Martikainen et al. 2000). Besides
quantity, quality of dead wood also matters (Niemelä et al. 1995, Jonsell et al.
1998, Dahlberg & Stokland 2004). Likewise, there is generally a strong relation
between the presence of large trees and the richness of epiphytic lichens (e.g.
Kruys & Jonsson 1997). Thus, these structural components comprise valid
indicators for assessing fungal species richness in boreal old‐growth forests.
Increasing density of these vital substrates increases habitat quality both locally
(in plots) and for whole stands.
5.1.2 Correlation between species groups
An inventory of total species diversity in forests is a huge task unachievable in
most practical situations. Therefore it would be more feasible if biodiversity
assessments could be based on data from one or a few organism groups, so called
indicator taxa. A prerequisite is that species of different groups show similar
habitat preferences and that species richness of different groups are strongly
correlated. However, this seems rarely to be the case. For example, only weak
correlations at a regional scale have been found between species richness in
various groups and threatened species (e.g. Pendergast et al. 1993).
The data in this thesis shows that different species groups have individual
responses to recorded stand variables (I, V). Consequently, the richness among
groups was not strongly correlated (I). Species richness of one single species
group is therefore unlikely to be a good indicator for total species diversity.
Several other studies from boreal Fennoscandia have also revealed weak or non‐
existing correlations between species richness of different organism groups.
Ohlson et al. (1997) found that the diversity of different plant and fungal groups
in remnant boreal old‐growth Picea swamp forests was site‐specific. Jonsson &
Jonsell (1999) showed that different species groups did not correlate in a set of
Picea forest stands representing varying degree of selective cutting. Gustafsson et
al. (1999) found weak, and even in some cases negative, correlations between
presence of mosses and epiphytic lichens at the stand level in 120 WKHs selected
throughout Sweden. Accordingly, valid biodiversity assessments of boreal old‐
growth forests must include information about species occurrences among
several different organism groups.
Some degree of correlation between richness of disparate taxa (e.g. plants,
fungi and invertebrates) is likely to be found whenever forest sites are sampled
along broad gradients of key environmental factors such as productivity (e.g.
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Figure 4. Correlations between species richness of two wood‐fungi groups (corticoids and
polypores) at three spatial levels (downed logs, 0.1 ha sample plots and patches) in
Granlandet nature reserve. Spearman rank correlation coefficients are given. P < 0.001 in
all cases.

Sætersdal et al. 2003). However, strong and persistent correlations have mainly
been found between narrowly constrained indicators, i.e. species richness of
species groups that share similar biology (cf. Schwartz 1999). Closely related taxa
are likely to have developed strategies that allow them to co‐exist (Lindenmayer
1999). For example, strong correlations have been reported between richness of
bark beetles and their associated beetles (Martikainen et al. 1999). In this thesis,
strong correlations were only found between richness of ecologically similar
groups, namely corticoids and polypores confined to downed logs (cf. Figure 4)
and bryophytes (liverworts and mosses). Likewise, Dynesius (2001) found strong
correlations between richness of liverworts, mosses and vascular plants, while
macrolichens did not correlate with any of the other studied groups.
Another important aspect, generally neglected, is the scale of assessment.
Obviously, the richness of all studied species groups correlates to some extent at
the stand scale, when there is no control for the effect of area (cf. Figure 3).
However, as for the species‐area relationship itself, such correlations are scale
dependent and when we limit the scale, or the area gradient in focus is narrowed,
we will risk loosing most correlations except between more narrowly constrained
indicator taxa. Thus, it is not only important to state what a given indicator taxon
is meant to indicate, it is also vital to define at which spatio‐temporal scale it is
supposed to be suitable to use. This is crucial when testing and validating the
reliability of a given taxon as an indicator for overall biodiversity (Lindenmayer
1999). For example, species richness of corticoids will generally correlate strongly
with that of polypores, but at very small spatial scales (i.e. at individual logs)
correlations are far less clear (cf. Figure 4).
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5.1.3 Nestedness and species capture
In order to validate indicator systems, many Scandinavian ecologists have
pointed out the importance of studies exploring nestedness (e.g. Gustafsson 1999,
Hansson 2001, Nilsson et al. 2001). Most previous studies of nestedness in boreal
forests have been conducted in managed forest landscapes. These studies show
that species communities generally exhibit nestedness. Mosses and lichens in 0.7
ha sample plots in 25 old (> 115 years) managed Picea forests exhibited
nestedness, while polypores did not (Gustafsson et al. 1999). Likewise, lichens
and vascular plants showed a nested pattern, while bryophytes and wood‐fungi
did not, in 0.25 ha plots in ten Picea stands representing varying degree of
selective cutting (Jonsson & Jonsell 1999). However, almost no baseline data on
the prevalence of nestedness among fauna or flora seem to exist from large
unexploited (near‐natural) boreal forest landscapes. A previous study in
Granlandet indicated that species composition of crustose lichens exhibited a
nested structure (Kruys & Jonsson 1997).
The data of this thesis indicate that plant and fungal species communities
in Granlandet tend to form nested subsets (II). Consequently, rare species are
over‐represented in species rich sites. Thus, species richness, as well as species
composition, in boreal old‐growth forests may potentially be predicted based on
the presences of particular species. The nested subset pattern was especially
strong at stand level (II). At this scale all species groups exhibited significant
nestedness. Further, five of six species groups including Red‐list species exhibited
nestedness in relation to area (II). This result suggests that particular rare species
are restricted to and mainly persist in large patches, while species that also can
survive in small patches are likely to be found everywhere.
The nested pattern emerged and was strong also at plot level but mainly
among substrate specific fungal species groups as well as Red‐list species (II).
Nestedness at plot level indicates that old‐growth forest sites of high habitat
quality, e.g. with large quantities of resources and/or high structural complexity,
may provide suitable conditions for many rare and Red‐list species. This accords
with other results on species richness in this thesis (I) and other studies (Renvall
1995, Ohlson et al. 1997) showing that richness among substrate specific fungal
groups and Red‐list species are positively correlated with key old‐growth Picea
forest structural features such as quantity and quality of downed logs and large
trees. Thus, beside area, the habitat quality is of crucial importance for the nested
structure among plant and fungal species communities as well as the Red‐list
species. Thus, small old‐growth forest habitats of high quality should not be
neglected from a conservation perspective.
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To test whether single large or several small patches of equal total area
captured most species (i.e. the SLOSS‐issue), analyses of nestedness were
combined with the analysis of species saturation index (SI; Quinn & Harrison
1988). The main merit of nestedness analyses is that they indicate to which degree
rare species tend to be confined to the most species‐rich (large) sites. However,
nestedness analyses use area of patches as a ranking variable and do not account
for species number per unit area among sites of different size. The SI‐index is a
summery statistics that analyzes the SLOSS‐issue by comparing the ratio between
the integrals of the cumulative species‐area curves 1) for sites sampled in order of
the smallest to the largest and 2) for sites sampled from the largest to the
smallest. SI‐analysis is thus a good complement to analysis of nestedness since it
accounts for both overlap in species composition between different sites and their
actual size (Cook 1995). SI‐analyses at stand level showed that small patches
generally accumulated species faster then large patches (II). However, among
crustose lichens, polypores and Red‐list species, SI‐analyses at stand level did not
provide clear answers to the SLOSS question. In conclusion, combined analyses
of nestedness and SI indicate that large patches are more important for these
species groups than collections of small patches (II). SI‐analyses at the plot level
further revealed that the interior habitat of large patches accumulated species
faster than interior habitat of smaller patches among liverworts, crustose lichens,
polypores and Red‐list species. These results indicate that the interior habitat of
large patches provides suitable conditions required by particular species. In small
patches, edge effects may potentially cause harsh environment conditions that
negatively affect the occurrence of sensitive species (Moen & Jonsson 2003).
5.1.4 Temporal changes among wood-fungi
Conservation programs should also include appropriate monitoring schemes to
evaluate effects of forest management on biodiversity (Simberloff 2001).
Programs for monitoring forest biodiversity have been developed in Sweden
(Ljungqvist & Norén 1998, Anon. 2001) and a main purpose is to reveal effects of
forest management on the occurrence of forest‐dwelling species. However, to
monitor changes in species diversity over time is a difficult task. Change is a
common feature of all natural ecosystems, including boreal forests. Old‐growth
Picea forests are characterized by small‐scale dynamics causing structural
changes over time (Esseen et al. 1997, Kuuluvainen et al. 1998, Jonsson 2000). Tree
fall and uprooting triggers changes in ground flora (Jonsson & Esseen 1990) and
requirement of downed logs triggers succession of fungal species (Renvall 1995).
Thus, structural changes are likely to correlate with changes in species
composition over various spatio‐temporal scales. Repeated species censuses
within a fixed area should necessarily result in an increase in cumulative species
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number and potentially a successive change in species composition (e.g.
Rosenzweig 1995). The time lag and the extent of such changes in boreal old‐
growth forests are however largely unclear.
The longevity of fruit bodies on individual downed logs and the
occurrence of species at plot level were followed over a period of 6‐9 years.
Results reveal considerable differences between species and groups of wood‐
fungi, as well as between different spatial scales. Species with soft fruit bodies,
including the majority of corticoids, have short duration and are largely
unpredictable in time. In many cases, fruit bodies of these fungi only appear for
one year and then vanish. Accordingly, many of these species are rare both in
time and in space (I, III). By contrast, species with tough and perennial fruit
bodies, which appear later in the wood‐decay succession, have long‐lasting fruit
bodies. Some of these species may remain on individual logs over long time
periods (III). Ordination analyses based on data from individual downed logs
showed that wood‐fungi species richness as well as composition exhibited
significant changes over the studied time period (i.e. eight years) due to
succession of species along with wood decay.
Changes in species occurrence at plot level over the studied time period
were less dramatic compared to changes on individual logs (III). This indicates
that many of the marked changes observed at smaller spatial scales (downed
logs) are to some extent leveled out at the larger plot scale. However, the extent
of changes at plot level varied between different groups. For example, species
diversity among polypores, which include many tough and perennial species,
exhibited rather small changes. Most polypores were recorded already at the first
inventory and both the species richness as well as the cumulative number of
species remained largely the same over six years (III). Further, ordination
analyses did not reveal any major changes in polypore species composition.
Changes in species diversity at plot level were however more clear among
corticoids. The brief and unpredictable occurrence of the many corticoids with
thin and soft fruit bodies was probably a main reason for this different pattern
(III). New corticoid species kept accumulating during consecutive inventories
despite the fact that species richness remained fairly constant. Thus, a substantial
proportion of the corticoids that were recorded after the first survey were new
(III). Ordination analyses showed that corticoid species composition at plot level
exhibit significant changes during single years when conditions for fruiting were
optimal (III).
Accordingly, monitoring of wood‐fungi species diversity should occur at
the scale of the forest stands. Monitoring should concentrate on wood‐fungi
species with perennial and tough fruit bodies to optimize sampling efforts aiming
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to provide comparable data over time. This means a focus on polypores with
long‐lasting fruit bodies. Changes in polypore species diversity are however
likely to correlate to changes among corticoids at the stand scale as the richness of
the two groups are strongly correlated (cf. Figure 4). Two consecutive inventories
are likely to be a more valid reference point for future monitoring than one
sampling occasion since two years of sampling in Granlandet were shown to
sample 90 % of total polypore species richness.

5.2 Assessing biodiversity of boreal woodland key habitats (WKHs)
To assess conservation values of WKHs, several aspects have to be regarded.
Assessing the past is important for evaluating how biodiversity has developed (e.g.
Uotila et al. 2002). However, the history of most WKHs remains unclear and we
rarely know to what extent WKHs represent remnants of old‐growth forests
before the phase of industrial exploitation. This would be particularly relevant if
forest continuity is important for rare and specialized species with restricted
habitat requirements (Nilsson & Ericson 1997, Nilsson et al. 2001, Stokland 2001).
Assessing the present biodiversity of WKHs is another issue since the main
criterion for selecting WKHs is the occurrence of Red‐list and threatened species
(e.g. Nitare 2000, Norén et al. 2002). Assessing the future is crucial for management
of biodiversity in WKHs. There is a general lack of understanding of the future
functioning of WKHs and whether their native species will persist or go extinct
(Hansson 2001). In an attempt to approach these issues I have studied species
richness in WKHs in two areas with contrasting histories of forest exploitation,
namely in south boreal (IV) and north boreal (V) Sweden.
5.2.1 History and forest biodiversity of WKHs
In order to analyze forest structure before, during and after the forest exploitation
period in 15 WKHs in south boreal Sweden (Svärdsjö forest common), data from
earlier forest inventories (1867, 1888, 1946) were combined with field
observations. The present biodiversity of forest‐dwelling species and the amount
of structural elements such as coarse woody debris (CWD) were also analyzed
(IV).
The historical retrospective analysis showed that forest fire shaped the
structure of the pre‐industrial landscape. Forests were characterized by multi‐
aged stands, many overstorey trees and large amounts of CWD (IV). Due to
human influence, forest structure has changed dramatically since the mid‐19th
century, when the area comprising the WKHs was virtually un‐logged. Changes
in standing volume, tree species composition and old‐growth structures (e.g.
CWD amounts) have fundamentally transformed the forest structure. The tree
volume in the WKHs is high in a historical perspective (cf. Ericsson et al. 2000)
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and studied forests are likely to become denser as Picea expands at expense of
other tree species (IV). Similar observations have been done in other areas,
showing that the conditions in forest reserves are not comparable to pristine
boreal forests of the early 20th century when forest fires still were influential
(Linder et al. 1998, Uotila et al. 2002). This suggests that anthropogenic influences
in form of (i) fire‐suppression during the last century, (ii) gradually increased
logging until the mid‐20th century and (iii) an abandonment by modern forestry
during the late 20th century, are the main causes behind this transformation (IV).
Accordingly, most of the studied WKHs cannot be defined as remnants of
untouched forest in its strict sense. Further, it is probable that forest stand
continuity is insignificant, for example with regard of the supply of CWD.
Despite a clear impact by early logging, five of the WKHs were classified as
“untouched” in an inventory of the Swedish National Board of Forestry (IV).
Thus, assessments of the history and forest stand continuity of these stands have
shortcomings. Nowadays the forests within the WKHs have developed forest
structures distinguishing them from the surrounding forest landscape. This has
probably promoted their selection as WKHs, because they differ markedly from
the rest of the forest. Accordingly, methods for WKH‐selection need to be
developed to make more valid assessments of the past of WKHs. Identifications
of sites exhibiting low degree of exploitation are important representing
conditions rarely found elsewhere, and as this may be of vital importance for rare
species with constrained habitat requirements. Another feature of many WKHs is
that they have a lower exploitation value, being located in places regarded as less
accessible by modern forestry. This also agrees with previous studies of protected
areas in Sweden which show that reserves generally have been established on
marginal land (Nilsson & Götmark 1992).
Different signs of cultural activity were found in studied WKHs but most
common was old cut stumps from former logging. The density of cut stumps was
generally > 100 stumps ha‐1 but reached extreme values (ca. 1000 cut stumps ha‐1)
in the deciduous‐dominated WKHs. Data further shows that both amounts of
structural elements and species richness did not resemble what is characteristic
for unexploited near‐natural boreal forests. The observed total CWD volumes
were generally < 25 m3ha‐1, which is much smaller than the figures, ca. 60 to 120
m3ha‐1, reported for pristine boreal forests (e.g. Siitonen 2001). The number of
Red‐list species per 0.1 ha sample plot (i.e. the density of species) was generally
zero (IV). Thus, it can be questioned to what extent these WKHs fulfill the aim of
being “a forest site with high conservation value where Red‐list species occur or
are likely to occur” (e.g. Nitare & Norén 1992, Anon. 1999). When summarizing
the results on biodiversity, only one of the 12 WKHs that were subjected to a
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detailed survey of biodiversity could be regarded as having biological features
that resembled those of pristine boreal forests (IV).
Considering the geographical gradients in forest‐use history in Sweden, it
is likely that marked differences in forest‐use history and biodiversity exist
between WKHs in different regions. Accordingly, in order to explore the
generality of the results in (IV) we need corresponding studies from other regions
in Sweden. Despite their shortcomings, WKHs are among those forest areas that
currently have the highest conservation values in the managed forest landscape.
Thus, they represent vital components of the existing forest biodiversity and a
potential “starting point” for future restoration efforts.
WKHs, as in the studied area, represent more marginal, low‐productive
land, and they will only harbour a limited part of biodiversity. However, how we
handle WKHs, and their surroundings as well, will determine their future species
composition and dynamics. Clearly, by leaving the WKHs unmanaged they will
eventually receive increasing amounts of old trees and dead wood, increasing
their suitability for rare and threatened species. The problem with leaving
restoration to natural processes is the time aspect. Important processes may take
decades or even centuries. Artificial interventions that use or mimic natural
processes and patterns can overcome this long time scale problem. Thus, besides
considering the specific requirements of the focal species, the understanding of
local forest history is likely to provide a sound reference frame for future
restoration efforts (e.g. Nilsson et al. 2001, Kuuluvainen et al. 2002).
5.2.2 Present biodiversity and the future of WKHs
It has been argued that comparisons between managed and unexploited near‐
natural (pristine) forest landscapes could provide useful information whether
species in WKHs risk future extinction (Hansson 2001). One important issue is to
understand whether basic forest stand parameters such as stand size and habitat
quality relates to persistence of species. This was tested in paper V. The
occurrence of epiphytic crustose lichens and wood‐fungi in 32 old‐growth Picea
dominated WKHs in north boreal Sweden were compared with their occurrence
in a reference landscape, Granlandet. Based on data from Granlandet, regression
models were constructed predicting species richness for whole patches (i.e. total
species richness at stand level; cf. I, V) and for 0.1 ha sample plots in the centre of
each patch (i.e. density of species in stand interiors; cf. I, V). These models were
subsequently used for predictions of the expected species richness in studied
WKHs, controlling for stand size and forest structure. The predicted, or expected,
species richness in WKHs was assumed to reflect the situation at stochastic
equilibrium. The actually observed species richness in the WKHs was finally
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compared with the expected species richness. If observed species richness was
larger than predicted in the WKHs, this was interpreted as if the studied WKHs
had an excess of species. Such a result was assumed to indicate that species in
WKHs may be remnant occurrences from an older less fragmented landscape
now facing substantial extinction risks.
The results show for crustose lichens that observed total richness WKHs
significantly exceeded predicted values (V), i.e. studied WKHs are likely to host
an excess species. This result suggests that the species populations are not at a
stochastic equilibrium with respect to the prevailing landscape structure. Thus,
the crustose lichens in the WKHs may be subject to an extinction debt. The
density of species in the interior of WKHs did not exceed expected levels, which
indicate that the species populations have decreased, although present at the
stand level.
By contrast, data for polypores and Red‐list species showed that the
observed total species richness did not exceed expected values in studied WKHs.
Thus, both groups, at stand level, exhibit a richness of species that did not
significantly differ from the expected reference levels (V), and thus they seem to
have tracked changes in forest structure more rapidly than the crustose lichens.
In fact, their density was even lower than expected (V). This indicates that
predicted reference levels were high and provided a conservative test of
observed species richness. The interpretation of the observed patterns is
complicated as some differences exist between the WKHs in the managed
landscape and the forest patches in Granlandet: (i) the isolation of WKHs is likely
to be one order of a magnitude greater than for forest patches in Granlandet,
which may negatively affect species colonization probabilities (cf. Hanski 1999,
2000); (ii) potential gaps in supply of downed logs as an effect of earlier logging
in the WKHs may have affected the occurrence of wood‐fungi negatively (Bader
et al. 1995, Sippola et al. 2001). It could be argued that the unexpectedly low
densities of polypores and Red‐list species indicate that species populations are
so small that this will increase the risk of further species extinctions at stand level.
Thus, the species richness of the two groups might be depleted further, even
below current and predicted levels.
Differences in substrate preferences among studied species groups may
partly explain why polypores and Red‐list species have tracked the
environmental changes faster than crustose lichens. For the two former groups,
the combination of decreased formation of dead wood (as an effect of logging)
and its relative fast turnover, may have caused gaps in the continuity of dead
wood supply, negatively affecting their maintenance (Bader et al. 1995, Lindgren
2001). The opposite pattern for crustose lichens may be due to the long‐lived
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nature of living trees. It should be noted that both basal area of living trees and
density of large Picea trees in WKHs was comparable to that observed in
Granlandet. Thus, suitable habitat conditions, i.e. presence of trees with rough
bark and humid microclimate, may have prevailed in the WKHs through time
despite former logging operations.
Except for shown in models (Hanski 2000), the risk of future extinctions in
fragmented landscapes remains unknown. The analyses in this thesis are
however based on empirical data and the results indicate that delayed species
extinctions are likely to occur in north boreal WKHs. Consequently, species may
be lost if conservation efforts only consider protection and preservation of
WKHs. Conservation strategies should include ecological restoration of WKHs
aiming to improve habitat quality and increase local population sizes. In practice
this could include enlargements of WKHs, since stand size has been shown to be
important (cf. I, II), but also measures to improve structural complexity, for
example by increasing CWD quantities. Strategies should also include measures
to facilitate species dispersal and the potential for species to occur in the matrix,
i.e. the managed forest landscape as this is the currently dominating habitat.
Thus, it is likely that whole landscapes and not only isolated WKHs must be
managed and designed to maintain biodiversity over time (e.g. Bengtsson et al.
2003).
Further, the results of (V) also indicate that it is difficult to base predictions
on future outcomes on comparisons between data from WKHs and large
unexplored forest areas. One reason is that many WKHs in the northern part of
Sweden have not become isolated until recently. Not until we have monitored
species changes both in reference areas and in WKHs during longer time periods
will we understand the transient dynamics following isolation.

6. Concluding remarks
The following conclusions can be drawn from this thesis:
1. Even within large natural boreal landscapes a large fraction of plant and fungal
species are rare.
2. The predictability of species richness and compositional patterns is high in
boreal old‐growth forests, especially for species confined to specific substrates
as well as for Red‐list species. This strengthens the possibility to apply
biodiversity indicators in old‐growth forest stands.
3. Species groups exhibit individual responses to stand variables and only species
richness of species groups that share similar biology correlate. Species richness
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of any single species group is unlikely to be a valid indicator for total species
diversity.
4. Area is a key variable regulating species richness. Edge effects limit sensitive
species to unaffected core areas in patches > 2‐3 ha. Large patches host more
Red‐list species in their interiors than do small ones, i.e. stand size is an
important qualitative aspect of old‐growth habitat.
5. Community structure exhibits nestedness implying that rare species are over‐
represented in species‐rich patches. Thus, one of the prerequisites for an
objective selection of indicator species is fulfilled. Besides stand size both forest
structure and habitat quality are important for species richness. Rare species
with strict habitat demands tend to occur in high‐quality habitats.
6. Among wood‐fungi, species with short‐lived fruit bodies are generally rare in
space and time, while those with more long‐lived fruit bodies, mainly
polypores, are more common. This means that the latter group should be used
in monitoring programs. The natural succession following wood decay is likely
to cause significant changes in species diversity on individual logs over periods
of 5‐10 year. Thus, monitoring of species diversity should be performed at
stand scale.
7. The results suggest that many WKHs in south boreal Sweden have been
transformed through fire‐suppression during the 20th century, gradually
increased logging until the mid‐20th century and subsequent abandonment by
modern forestry during the late 20th century. These WKHs tend to occur on
marginal land and have low diversity of both structural elements and species.
Only 1 of 12 WKHs has biological features that resemble those of pristine
boreal forests.
8. Species populations in WKHs in north boreal Sweden do not seem to be in
stochastic equilibrium with prevailing environmental conditions. Thus, species
richness in WKHs will most likely decrease in the future due to transient
dynamics, i.e. an extinction debt probably exists. Conservation of WKHs
should therefore be combined with other considerations in the managed forest
landscape. Quality, density and size of WKHs should be put in relation to
habitat requirements of different organism groups.
9. Not until we have received monitoring data from isolated WKHs and reference
areas covering an extended time period will we be able to fully understand the
transient dynamics following isolation of WKHs. Thus, for a successful future
conservation of boreal forest biodiversity it will be important to establish
monitoring programs that provide comparable data in space and time.
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